Water treatment residuals (WTRs) are byproducts of the coagulation and flocculation phase of the drinking water treatment process that is employed in the vast majority of water treatment plants globally. Production of WTRs are liable to increase as clean drinking water becomes a standard resource. One of the largest disposal routes of these WTRs was via landfill, and the related disposal costs are a key driver behind the operational cost of the water treatment process. WTRs have many physical and chemical properties that lend them to potential positive reuse routes. Therefore, a large quantity of literature has been published on alternative reuse strategies. Existing or suggested alternative disposal routes for WTRs can be considered to fall within several categories: use as a pollutant and excess nutrient absorbent in soils and waters, bulk land application to agricultural soils, use in construction materials, and reuse through elemental recovery or as a wastewater coagulant. The main concerns and limitations restricting current and future beneficial uses of WTRs are discussed within. This includes those limitations linked to issues that have received much research attention such as perceived risks of undesirable phosphorous immobilisation and aluminium toxicity in soils, as well as areas that have received little coverage such as implications for terrestrial ecosystems following land application of WTRs.
Introduction
To meet the water requirements of a growing population, and with escalating efforts to deliver clean drinking water to the estimated 29% of the global population that do not currently have access to it (WHO 2017) , there is an ever-increasing demand for clean and safe drinking water. In order to supply this increasing demand, raw water must be treated to remove any waterborne microorganisms, excess mineral content and suspended sediment. One of the most common methods employed to remove suspended particles and colloids from raw water is the addition of metal salts to initiate a coagulationflocculation process. However, this process results in the generation of vast quantities (generally between 10 and 30 mL of WTRs for every litre of water clarified) of a sludge-like waste (or by-product) known as water treatment residuals (WTRs), which require an outlet for their disposal or end use (Dassanayake et al. 2015) .
Previous reviews have described some of the potential beneficial uses for WTRs considered up to that time, the most recent of which being in 2011, along with the research that had been conducted into their uses (e.g. Babatunde and Zhao (2007) ; Ippolito et al. (2011) ).
However, considerable advancements in the testing and application of WTRs have been made in the past 10 years. To illustrate, a search on the Web of Science Core Collection for 'water treatment residual*' OR 'water treatment sludge' for the period 2008-2018 returned > 400 articles. Recent reviews have focussed on various aspects of the WTR reuse, ranging from use as a sorbent (Ippolito et al. 2011) , coagulant recovery (Keeley et al. 2014 ) and the broader scope of WTR utilisation at international levels (Ahmad et al. 2016; Zhao et al. 2018) . Therefore, this review aims to expand on these previous works and to produce a comprehensive picture of the generation of WTRs and possible options for end markets, with a particular focus on options that result in environmentally beneficial use. The barriers to widespread adoption of these applications will be examined, including identification of the main knowledge gaps that maintain the uncertainty and concern surrounding potential environmental impacts.
Production
Being by-products of the coagulation-flocculation process used to remove suspended and colloidal particulates from drinking water, the composition of WTRs is principally determined by the type of coagulants employed and the constituents of the raw water that is being treated. The most common of these coagulants are aluminium sulphate (Al 2 (SO 4 ) 3 ·14H 2 O), commonly known as alum, and the iron-based salts ferric chloride (FeCl 3 ) and ferric sulphate (Fe 2 (SO 4 ) 3 ·9H 2 O). When these Al and Fe salts are applied as coagulants in the presence of alkaline conditions, their Al/Fe ions are hydrolysed to form hydroxide precipitates that remove impurities via co-precipitation, sorption, flocculation and settling (Eqs. 1-3) (Dassanayake et al. 2015) . The process involves formation of positively charged complexes that are able to sorb and flocculate negatively charged organic impurities effectively by overcoming their initial repelling characteristics ( Fig. 1) . Depending on the design of a particular water treatment plant, removal of the impurities then proceeds via simple flocculation and settlement under gravity or via a more active process of filtration. 
FeCl
Freshly produced WTRs are in a liquid state with high water content (2-4% solids) making them expensive to transport and challenging to handle, particularly in the volumes generated by large-scale water treatment plants (i.e. > 1000 t year −1 of liquid WTRs produced); hence, dewatering or thickening processes are commonly employed (Dassanayake et al. 2015) . Where space availability permits, common dewatering strategies include the use of drying lagoons or beds (Walsh 2009 ). Where space is less available, dewatering via centrifugation and/or belt presses is often employed. Generally, after the full mechanical dewatering process (e.g. Fig. 2) , the solids content of these WTRs increases to between 17 and 35% solids (Dassanayake et al. 2015) . However, this treatment tends to be a more energy intensive and thus more expensive process, leading to many smaller water treatment works (those without the space for drying lagoons) leaving WTRs in a liquid (2-4% solids) state. The term 'water treatment residual' is a holistic term that applies both to the material when it contains 2 to 4% solids as well as when in a dried or partially dried condition. These terms are generally used as such by engineers and waste management companies. However, within the scientific literature, it tends to be the dewatered product only that is most widely referred to as WTRs. This discrepancy in definition highlights some of the uncertainties associated with the use and application of WTRs and with how they are discussed in the literature.
The utilization of coagulants during the water treatment process is very common, e.g. it has been adopted by approximately 70% of the drinking water treatment works in the USA (Keeley et al. 2014) . This widespread use of the approach has led to streamlining for costeffectiveness. For example, dose optimisation has reduced Al coagulant inputs from~50 mg L −1 in the 1970s to concentrations as low as 2-5 mg L −1 today, while modern Fe coagulant dosages range from 4 to 10 mg L −1 . These doses depend on the specific coagulant and the turbidity and pH of the source water (Keeley et al. 2014; WHO 2017) . While the literature on this topic generally omits or only mentions the addition of further coagulant aids, such as activated silica and organic polyelectrolytes, these also play a key role in aiding the coagulation-flocculation process (Matilainen et al. 2010) . As the process has been optimised over time, it is difficult to see any future reductions in the quantities of WTRs produced and thus their generation is only likely to increase with the increasing demand for clean drinking water.
In the UK, for example, 107,000 t and 165,000 t of alum-and ferric-based coagulants are used per annum respectively (Keeley et al. 2014) . However, there is limited information available in the form of national production figures for WTRs, with recent estimates only available for their production in a few countries or regions (Fig. 3) . Unfortunately, many of these figures are, as previously mentioned, only estimates by government bodies, NGOs or water companies that may not be indicative of the full extent of production. Limited production data may be due to a variety of factors, such as (i) differing practices across treatment plants and regions that result in WTRs of differing water contents that cannot easily be directly compared or summed in terms of total mass, (ii) varying reporting requirements in different regions and countries and (iii) commercial interest issues that encourage resistance in releasing WTR production, disposal and recovery figures. Additionally, production figures rarely discuss the water (2011)) content of the WTRs produced, leaving the weight of solids ambiguous. Nevertheless, some very useful subnational case studies do exist in the literature (Table 1) .
These figures highlight the varying amount of waste produced in different regional settings; in the case of Ghaziabad and Noida, where greater quantities of WTRs are produced per litre of water treated (after accounting for water content), a large proportion of WTRs are produced during the monsoon season when the amount of suspended sediment in raw water is higher . This makes estimation of global production volumes of WTRs very difficult. Many past reviews have also referred to a global wet WTR production figure of 10,000 t day −1 ; however, this figure is from the grey literature of the 1990s and the original report (Waite and Dharmappa 1993) , and therefore the methods of estimation are no longer readily accessible. However, it is highly likely that global production now exceeds that 10,000 t day −1 estimate.
Physicochemical Properties
Scanning electron microscope (SEM) studies of WTRs have shown that they have varying particle sizes and are highly porous (Makris et al. 2004a; Ippolito et al. 2011) which, together with the reactive surfaces that Al and Fe hydroxides typically have, account for their high sorption capacity. For example, sodium displacement testing revealed WTRs from Oklahoma, USA, to have a high cation-exchange capacity in the order of 13.6 to 56.5 cmol + kg −1 , compared to 3.5 to 35.6 cmol + kg −1 for typical soils (Dayton and Basta 2001) . Chemical examination of WTRs using X-ray diffusion (XRD) Babatunde and Zhao (2007) and Zhao et al. (2018) has revealed that WTRs are amorphous in nature, and therefore lacking a crystalline structure. Nevertheless, the presence of quartz, feldspar, calcite, illite/smectite, feroxyhyte, albite and kaolinite within WTRs has been confirmed (Ippolito et al. 2003; Ippolito et al. 2009b; Ociński et al. 2016b; Ahmad et al. 2018) . Further detail on the high sorption capacity of WTRs, which has driven much of the research into beneficial use of the materials, is provided in Section 5.1. Elemental concentrations, organic matter content and pH of WTRs can vary greatly depending on the characteristics of raw water treated, coagulant choice and treatment method ( Table 2 ). The total concentration of elements and how readily they leach from WTRs are an important consideration when disposing of or utilising the materials. Elliott et al. (1990) analysed eight FeCl 3and alum-based WTRs from Pennsylvania (USA) and found that the concentrations of Cd, Cu, Cr, Ni, Pb and Zn were all well below the local permissible concentrations for land application. The authors noted that most metals were present in a weakly mobile, non-leachable form (determined by a sequential extraction procedure based on Tessier et al. (1979) ). Wang et al. (2014) similarly found that, for six WTRs from various regions in China, the concentrations of As, Ba, Cd, Cr and Pb were below the threshold limits of the US Environmental Protection Agency's (USEPA) Toxicity Characteristic Leaching Procedure assessment that is used to determine whether the leachate of a material is hazardous. Example studies in which leachability of elements within WTRs have been assessed using weak salt solutions and weak acids are shown in Table 3 . Zhao et al. (2018) considered the possibility that the chemical composition of WTR may have changed through time due to increased environmental contamination (and therefore increased contaminant incorporation during raw water treatment). They found, in the past papers that they reviewed, that a majority of parameters had remained constant between 1990 and 2017 but that there had been a marked increase in Mn, As and Cr in WTRs since the early 2000s. However, the concentration data Zhao and co-workers reviewed was highly variable and so the increase noted for these elements was associated with much uncertainty. The perceived increase reported may also have been influenced by the very limited number of publications available for review that had relevant data pre-2000.
Geotechnical analysis of partially dried but otherwise untreated (~10-40% w/w dry matter) WTRs established that they have high plasticity, high compressibility and very low permeability (O'Kelly 2008; O'kelly 2010) (Table 4 ). These characteristics would suggest that untreated WTRs are unsuitable for use in aggregates for engineering; however, some work has been done exploring the use of treated WTRs (i.e. dried, heat treated and ground) in construction (see Section 5.5).
Disposal via Landfill
Incineration and biological digestion of WTRs are not viable options because of their low combustibility and nutritional value; hence, disposal via landfill remains common. For example, a study from 2006 estimated that 40% of the dried WTRs produced in the USA were disposed of via landfill while another from 2011 estimated that in Japan the figure was 21%, and in 1999 it was suggested that 57% of the WTRs in the UK went to landfill (Keeley et al. 2014 ). However, more recent data compiled from between 2014 and 2016 by Zhao et al. (2018) paints a more positive picture, estimating that 98%, 55% and 75% of WTRs are recycled or reused in the Netherlands, Czech Republic and Denmark, respectively. Anecdotal evidence would suggest that it is highly likely that this large proportion of WTRs being recycled also occurs across other European countries. Within Europe, under the European Waste Code Table 2 Typical components and properties of dry water treatment residuals (WTRs) reported in the literature
Organic matter (%) pH 6.7-180 1.1-277 0.2-10 0.18-32 0.4-31.6 2.5-69 0.12-246 10.9-60 35-624 5.8-24.5 5.12-8.0
Compiled from Lin and Green (1987) , Dayton and Basta (2001) , Makris et al. (2004b) , Makris et al. (2006) The disposal of WTRs is a large contributing factor to the overall cost of the drinking water treatment process. For instance, the Netherlands reportedly spends €30-40 million on disposal of WTRs annually, while in the UK the most recent data from 2000 suggests an annual expenditure of £5.5 million (Babatunde and Zhao 2007) . The expenses associated with landfill disposal are set to increase further as legislation and taxation in many countries is becoming increasingly stringent in regard to landfill; e.g. the UK government has increased inert landfill waste fees to~£90 per tonne in 2018 compared to the 1996 rate of £8 per tonne (Simpson et al. 2002; Keeley et al. 2014; HM Revenue and Customs 2018) . This gives an indication of the scale of increasing costs related to WTR disposal by landfill and identifies a clear economic driver for recycling WTRs for environmentally beneficial uses. Additionally, the European Landfill Directive commits its participating states to reducing the amount of biodegradable municipal waste that goes to landfill by certain dates, and WTRs fall into this category (CEC 1999) . However, in some regions, the economic tipping point has not yet been reached. For example, Miyanoshita et al. (2009) conducted an economic evaluation of the disposal of WTRs in Japan and reached the conclusion that, based on their modelling, it was still more economically viable at that time to dispose of WTRs via the sewage system than to dewater and use the WTRs. Similarly, to production estimates, annual figures for WTR disposal/alternative end use and their associated costs are difficult to obtain. Nevertheless, beneficial use of the material, across a range of applications, appears to be growing.
Alternative Disposal and Beneficial Use
Alternative disposal practices and research into their benefits, limitations and restrictions can be grouped into four broad categories: (i) use in treatment of water or soil to remove or immobilise (manage) contaminants or excess nutrients; (ii) other soil/land-related applications; (iii) as a constituent of construction materials; and lastly, (iv) reuse and recycling for the drinking/wastewater treatment process.
Sorption of Pollutants or Excess Nutrients from Solution
The chemical composition, amorphous nature and porosity of WTRs impart them with a relatively large and highly reactive surface area when compared to typical soils (Ippolito et al. 2003; Babatunde and Zhao 2007) . Therefore, numerous investigations have been conducted to determine the extent to which WTRs can be exploited to sorb certain potentially harmful elements, or elements in excess of desired concentrations, to reduce impacts on the environment. Initial work with WTRs as a sorbent focussed on the removal of excess phosphorous from solution (Ippolito et al. 2003 ) but many other elements and chemical compounds have since been the target of investigation, including copper, lead, arsenic and certain pesticides and industrial chemicals (Chiang et al. 2012; Elkhatib and Moharem 2015; Ociński et al. 2016b) ; the sorption capacities for various elements and compounds reported in the literature are summarised in Table 5 . The sorption capacity of WTRs is a function of particle size, surface area and surface charge (i.e. WTRs with a smaller mean particle size can sorb greater quantities of P (Yang et al. 2006a) ). Furthermore, the adsorption of P and arsenic onto Fe hydroxide surfaces of WTRs was thought to be reasonably described by Eqs. 4 and 5 (Parks et al. 2003) . While these equations are useful for describing P and As sorption onto WTRs at a general level, it is generally recognised that there are likely many other additional process involved such as ligand exchange reactions, hydroxide exchange reactions, surface complexation reactions and coprecipitation reactions (Parks et al. 2003; Yang et al. 2006a; Gibbons and Gagnon 2011) . ) and 70-80% of the condensed phosphorus (a more complex chain of orthophosphate units) from synthetic and municipal wastewater using WTRs, while it has been suggested that alum sludge has a greater tendency for uptake of inorganic P than organic P (Gon Kim et al. 2002) . Wang et al. (2016) produced filters using Al-based WTRs as a substrate in a WTR:kaolin:humic acid ratio of 10:7:2. Their tests with synthetic solutions found that an adsorption capacity of 1.31 mg P g −1 could be achieved and after an initial adsorb-desorb cycle using 0.25 mol L −1 NaOH, 80.0% of the P could then be recovered, though this did reduce to 31.4% after three more cycles. The uptake of P by WTRs was characterised by Bai et al. (2014) as being proportional to oxalate-extractable Fe and Al, as well as surface area. It has been found that oxidation state has a negligible effect on P sorption and retention by WTRs; however, pH has been found to have a significant impact on these factors (Oliver et al. 2011; Maqbool et al. 2016) . WTRs can also remove fluoride from aqueous solution in a process which is characterised by a decreasing sorption rate after 5 min (Sujana et al. 1998 ) presumably due to saturation of the most effective fluoride binding sites.
Potentially toxic element (PTE) adsorption by WTRs is also well documented in the literature (McBride 1995; Hovsepyan and Bonzongo 2009; Zhou and Haynes 2011; Chiang et al. 2012) . For example, sorption tests conducted on sediments amended with WTRs found high amounts of Cd, Co, Ni, Pb and Zn were removed from solution, performing 240% better than sediments containing equivalent alternative additions of goethite in multi-contaminant testing (Chiang et al. 2012) . One comparative study of PTE binding capacity of Fe WTRs and Al WTRs found that, while both forms sorbed large quantities of the metals, Fe WTRs bound more Zn and Cd from solution than Al WTRs did across a pH range between 4.5 and 7.0 (e.g. ∼ 0.200 and ∼ 0.100 mmol g −1 of each metal sorbed by Fe and Al WTRs respectively at a pH of 7.0) when applied at a WTR:solution ratio of 0.1:25 (Silvetti et al. 2015) which is in agreement with unpublished results for Cd generated in our laboratory (Keele University) ( Table 5) .
Arsenic removal from water using WTRs has also been widely investigated (Makris et al. 2006; Makris et al. 2008; Kim et al. 2012; Caporale et al. 2013; Elkhatib et al. 2015a; Ociński et al. 2016b ). Makris et al. (2006) applied both Fe-and Al-based WTRs separately to solutions containing As(III) and As(V) during batch sorption experiments (15,000 mg kg −1 solution equilibrated for 2 days at a pH of 5.3-6.3). Their results suggested that Fe WTRs showed a greater sorption capacity for As(III) than As (V) (99% As(III) sorbed vs 67% As(V)), while Al WTRs effectively removed greater quantities of As(V) than As(III) (55% As(III) vs 93% As(V)) (Makris et al. 2006 ). However, Kim et al. (2012) found that Al WTRs adsorbed greater quantities of As(III) than As(V), and that As(V) adsorption rapidly decreases when the pH increases above 6. Because of its potential as a low-cost alternative for removing contaminants, and because As contamination of drinking and wastewater is a major environmental and health issue, there have been multiple attempts to calculate the maximum sorption capacities of As and its various forms (i.e. As(III) and As(V)) (Makris et al. 2009; Gibbons and Gagnon 2010; Nagar et al. 2010; Gibbons and Gagnon 2011; Ociński et al. 2016b ) (Table 5 ). Ociński et al. (2016a) incorporated WTRs into an alginate-based polymer in order to reduce the clogging potential of using WTRs in aquatic bed systems, but this resulted in greatly reduced maximum adsorption capacities (3.4 mg g −1 As(III) and 2.9 mg g −1 As(V)) which the authors believed was due to impediment by carboxylic groups in polymer chains of the alginate. The applicability of WTRs for remediating multielement-contaminated storm water has been explored by multiple studies. Soleimanifar et al. (2016) produced encouraging results during batch and column tests by applying WTRs to the surface of mulch, with adsorption rates from synthetic storm water reported as high as 97% for Pb (initial concentration, 100 mg L −1 ), 76% for Zn (initial concentration 800 mg L −1 ), 81% for Cu (initial concentration 100 mg L −1 ) and 97% for P (initial concentration 2.30 mg L −1 ) over a 120-min timeframe. Deng et al. (2016) also produced promising results when using a combination of WTRs and scrap tyre rubber to remove Cu and Pb from synthetic stormwater, while limiting the leaching of Zn from the tyres to some extent. Both of these approaches were employed in order to reduce the clogging that could occur when using solely WTRs.
Treatment of other non-metal and non-nutrient contaminants have also been examined; e.g. Makris et al. (2006) applied Al WTRs to 10 mg L −1 perchlorate solution in a ratio of 1 g:5 mL; reductions in perchlorate of up to 65% were described over 2 h, increasing to 76% after 24 h; the authors inferred that the mechanism of removal was the reduction of perchlorate to chloride (Makris et al. 2006 ). There has been particular success achieved in the application of WTRs to textile industry (Makris et al. 2006) wastewater for the removal of textile dyes (Chu 2001) . In one study, around 88% of a hydrophobic dye (Dianix Blue) was removed from wastewater by additions of 75 mg L −1 of alum at pH 9.13 (Chu 2001) , while Vaezi and Batebi (2001) applied ferric sulphate recovered from WTRs to two types of textile industry wastewaters with positive results. More recently, dye removal efficiencies of 53-95% for alum-based WTRs and 97% for ferric WTRs have been reported (Moghaddam et al. 2010; Gadekar and Ahammed 2016; Butani and Mane 2017) . Following these studies, Yusuff et al. (2017) went a step further and optimised the removal of methylene blue textile dye, achieving a 100% removal rate by exposing the treatment process to a temperature of 450°C and a pH of 6. This level of treatment success demonstrates the great potential for environmental benefits that could be gained through this type of WTR application, particularly in developing countries where vast quantities of textiles are produced and wastewater treatment options are often limited (or even absent) because of technical access and cost issues. However, this application of WTRs is not effective for treating wastewater containing hydrophilic dyes due to their high solubility (Chu 2001) . Another limitation to this application is the question of further use of WTRs after they have been used to sorb excess dyes and other chemicals in textile-related waste streams; they may be unsuitable for other reuse options and may need to be disposed of via specialist landfill (Asif et al. 2016 ). Basibuyuk and Kalat (2004) considered the use of WTR sludge for remediating vegetable oil refinery wastewater. Jar experiments revealed that WTRs were as effective as ferric chloride and alum salts. Optimum conditions resulted in the removal of 99% of the oil and grease, 99% of total suspended solids and 83% of the chemical oxygen demand (COD). Success has also been found in using WTRs to adsorb and immobilise organic pollutants. (2015); Punamiya et al. (2016) successfully removed large quantities of two veterinary antibiotics (tetracycline hydrochloride and oxytetracycline hydrochloride) from solution and immobilised them in manure-treated soils using WTRs. Importantly, in terms of environmental applications, the optimum pH range for tetracycline sorption was found to be across the range 4.0 to 8.0, i.e. typical conditions encountered in the natural environment . However, the effectiveness of sorption was reduced in the presence of elevated P, due to competitive ligands. Water treatment residuals have also been shown to be effective in removing cyanobacteria, which are known to contribute to freshwater algal blooms and the production of cyanotoxins, from waterborne cultures, e.g. unicellular and colonial Microcystis aeruginosa, by 89% and 75% respectively having had an initial density of 106 cells mL −1 (Wang et al. 2017a) .
There have been a handful of studies investigating the application of WTRs that were first milled to < 100nm diameter and thus referred to in the literature as nanoparticle WTRs (nWTRs) (Elkhatib et al. 2015a; Elkhatib et al. 2016; Mahdy et al. 2017) . This is done to increase their surface area, and thus their sorption capacity. One study produced a 2-to 3-fold increase in surface area over that of non-milled WTRs (e.g. 129 m 2 g −1 vs 53 m 2 g −1 (Elkhatib et al. 2015b) ). Sorption studies have shown that nWTRs have maximum sorption capacities for As, Cd and P that are greater than those of normal WTRs (e.g. 50 mg As g −1 compared to 3 mg g −1 , 47 mg Cd g −1 compared to 2.80 mg g −1 and 50 mg P g −1 compared to 1.67 mg P g −1 ) (Elkhatib and Moharem 2015; Elkhatib et al. 2016) . Similar results were produced in another nWTR in batch study experiment, with~95% of P removed from a starting concentration of 5-1000 mg P L −1 over a period of 100 min (Elkhatib et al. 2015b ). The study by Elkhatib et al. (2016) also reported the subsequent release of less than 0.2% of Cd that was initially bound to the WTRs after 4 consecutive desorption cycles. However, although the practicalities, cost implications and long-term effectiveness of milling WTRs to nano-sized particles for use in sorption and water treatment applications are yet to be properly evaluated, it seems very unlikely that this approach would ever become a commercially viable option for mainstream recovery and use of WTRs.
Use in Constructed Wetlands, Reed Beds and Filter Beds
An area that has received considerable attention in the literature is the use of WTRs as a reactive media in constructed wetlands (CW) or filter beds ( Fig. 4) . Zhao et al. (2009) reported the results of a long-term (730 days) trial of WTR sludge cake as a reed bed substrate as part of an agricultural wastewater treatment process. Removal efficiencies of 73% for COD, 83% biological oxygen demand (BOD), 86% reactive phosphorus, 89% soluble (< 0.45-μm filtered) reactive phosphorus and 78% suspended solids were achieved. Of this, 42% of the P removal was directly related to sorption which is dependent upon the availability of reactive surfaces of WTRs, leading the authors to estimate a working lifetime for WTR-based CWs of 9-40 years, excluding other limiting factors such as clogging ). In a follow-up study into the efficiency of COD, BOD, total nitrogen (TN), total phosphorous (TP) and NH 4 -N removal, Zhao et al. (2011) observed monthly reductions of these values in the ranges of 36-84%, 57-84%, 11-78%, 75-94% and 49-93% respectively. In another study, reported a reduction of 91% for BOD and 72% for COD and a 98% reduction in soluble reactive P in a four-stage laboratory-scale constructed wetland which utilized alum WTR as the absorbent medium.
New advances are constantly improving on the existing WTR CW model. For example, Wang et al. (2017b) trialled incorporating Al WTR-based haydites (a heat-expanded aggregate) into wetland cells. This resulted in average removal rates of 90.1%, 23.3%, 86.1%, and 97.2% of COD, NH 4 -N 4 , TN and TP respectively. In another study, Hu et al. (2012) achieved an increased N removal rate of 83% under a high nitrogen load (19.1 g N m −2 day −1 ) by means of a step feeding strategy in a tidal fed WTR CW, compared to 23-59% in earlier tidal fed WTR-based CWs. More recently, the incorporation of microbial fuel cells into WTR-based CWs has been investigated in several studies (Zhao et al. 2013b; Doherty et al. 2015; Xu et al. 2016a) (Table 6 ). These systems aim to produce bioelectricity through harnessing microbial breakdown of organic matter, therefore increasing the environmental payoff through energy generation. The reported maximum power outputs for such units are similar to those produced by microbial fuel cells in CWs made from conventional bedding material (i.e. not WTRs) (Zhao et al. 2013b) , showing that the use of WTRs incurs no trade-off cost in this regard.
Aluminium WTR CWs have also been incorporated into the aeration tanks of conventional activated sewerage sludge systems, in order to produce green bio-sorption reactors (GBRs) . Removal rates of 96%, 99% and 90% for BOD, TP and TN were achieved in a GBR system ). While concerns have arisen that the occurrence of natural organic matter may lead to a deterioration in the P adsorption rates, this technique still offers a possible pathway for upgrading outdated activated sludge CW systems .
The largest issue facing WTR CWs over the longterm is clogging, having been reported to occur around 14 months into WTR-based CW's life cycles. However, this can be partially alleviated by the use of an anti-sized gravel bed (i.e. smaller gravel at the base of the bed and larger at the top) and did not occur over a period of 18 months while running a CW based on the use of Fig. 4 A generalisation of the WTR constructed wetlands experimental setup, as used in multiple studies (Razali et al. 2007; Babatunde et al. 2009; Zhao et al. 2011) WTRs in the form of haydites Wang et al. 2017b) . In contrast with an earlier study by Oliver et al. (2011) that reported the release of organic matter under anaerobic conditions as a possible cause for concern in relation to water quality effects, Liu et al. (2016) assessed natural organic matter release from a WTRbased CW and found it to be of low risk to human health. As an additional environmental benefit, once the WTR cakes in CWs have reached the end of their working lifespan, it is possible to recover the Al and P, in the form of AlPO 4 , through a process of P extraction by H 2 SO 4 addition and AlPO 4 precipitation through pH adjustment . Employing this method resulted in reported recovery rates of 97% and 99% for P and Al respectively ). Overall, the use of WTRs in CWs and filter beds is highly promising, particularly with the potential of incorporation of microbial fuel cells. However, the release of certain substances, such as Al and Fe, under the varying models still requires further research. Further development and trial of anti-clogging techniques would also enhance their efficiency, longevity and likelihood of use.
Use in Lakes or Reservoirs
In addition to application in constructed wetlands and reed beds, use of WTRs as a P sorbing material in lakebeds has also been trialled (Fig. 4) . First suggested by Young et al. (1988) , multiple recent studies have expanded on this idea (Wang et al. 2012a; Wang et al. 2013a; Takashima et al. 2015; Yuan et al. 2016a ). The most common approach is to mix 10% WTRs by weight with lake sediments (Wang et al. 2012a; Wang et al. 2013a; Yuan et al. 2016b) ; however, some studies have varied this amount, such as Yuan et al. (2016a) . WTRs have the potential to limit internal P loading within lakes, leading to a reduction in algal growth (Yuan et al. 2016a ). This is achieved by preventing P release from sediment, via the sorption and retention mechanisms described in previous sections. However, WTRs have been found to increase overlaying waters Al and Fe concentrations. For example, Wang et al. (2013a) noted that Fe and Al concentrations in the overlaying water were marginally increased (< 0.03 mg L −1 ) in all experiments. Furthermore, another study found that 0.0064-0.0073 mg g −1 of Al from WTRs is released into waters when 1 g was added to 80 mL of water at its surface and allowed to settle for 2 h (Wang and Pei 2013) . While these increases in overlaying water Fe and Al concentrations are notable, their impact on ecological receptors will likely be negligible.
Although there are no studies quantifying the P sorption of WTRs when actively deployed in lakes, Phoslock® (bentonite clay containing ion-exchanged La), a commercially available material used in the treatment of excess P in lakes and which has a similar sorption capacity for P to that of Fe WTRs (i.e. Phoslock 21,670 mg P kg −1 , Fe WTRs 22,400 mg P kg −1 and 20,100 mg P kg −1 for two different sludges (Zhao and Yang 2010; Meis et al. 2012) ), can increase P sorption of a reservoir by~28 kg ha −1 when applied at 2.7 T ha −1 and hence similar levels of performance might be achievable with WTRs. An estimation of the P immobilisation capabilities of WTRs in lake sediments can be expressed by the following Eq. 6 (Wang et al. 2013b) .
where (Al ox + Fe ox ) WTR is the sum of oxalateextractable Al and Fe content of the WTR and the P m is the P concentration in the lake sediments; all terms are expressed in moles per gram (Wang et al. 2013b ). Therefore, the required volume of WTR for P immobilisation can be estimated if the (Al ox + Fe ox ) WTR and P concentration in sediments are known. Yuan et al. (2016b) evaluated the risk of pollution related to WTRs in lake water with regard to environmental regulatory limits and human health risk assessment. WTRs were mixed with sediments (~10% WTR by weight) and incubated aerobically and anaerobically in beakers. It was found that, while both Fe and Mn exceeded regulatory standards (the Environmental Quality Standard for Surface Water in China, and the National Recommended Water Quality Criteria for fresh water in the USA) after anaerobic incubation, amended sediments were considered to be non-hazardous to aquatic plants.
Application to Land
Land application of WTRs is increasing and may eventually become the most common reuse route. For example, the Sydney Water corporation (New South Wales, Australia) stores and then reuses 100% of the produced WTRs via land spreading in their catchment area (equating to 5228 dry t during 2011-2012) (Sydney Water 2011). Application of WTRs onto clean (i.e. no previous history of contamination) agricultural and forestry land has become a well-established practice in some regions (e.g. parts of the USA and UK) and has been a topic of periodic research activity (e.g. Bugbee and Frink (1985) ; Geertsema et al. (1994) ; Oladeji et al. (2007) ). It is difficult to obtain precise figures to support the assertion that land application is growing because of the lack of cohesive data from reliable sources, but there is anecdotal evidence; for example, in the English Midlands and Wales (where the authors of this review are based), two major water treatment companies recover and spread~86,000 t of WTRs per year to land. It is easy to recognise the potential benefits of land applying WTRs; for example, they have a high organic matter content, often a degree of liming capacity, and are a potential source of nutrients. Moreover, recovery and use in this way promotes the waste hierarchy concept as per the EU Waste Framework Directive (2008/98/EC) and facilitates development of a circular economy. Indeed, land application of WTRs has reportedly resulted in yield increases in various plants and other soil benefits such as increased aeration and hydraulic conductivity (e.g. Geertsema et al. (1994) , Ahmed et al. (1998) ), although the limitation of plant available P has occasionally been observed (see Section 5.4.2).
There are many variables to consider in the application of WTRs to agricultural land including the cropping system, crop nutrient requirement, time of year and existing soil conditions. Methods of application tend to be split according to whether the WTRs are solid (approximately 14% dry matter or above) or liquid. Solid WTRs are generally spread using tractors using conventional manure spreaders, and trajectory splash plates or precision injection techniques such as a trailing shoe or dribble bar while spreading wet material. The rates of application are typically linked to plant or soil requirements, with maximum limits set according to local governing regulations. In the UK for example, the maximum application rate permitted is 250 t ha −1 with a further limit on liquid applications of 50 m 3 ha −1 at any one time, and additionally no more than 250 kg N ha −1 may be applied to land (DEFRA 2011; Environment Agency 2013).
Land Application for General Soil Improvement
The use of WTRs in potting mix and other plant growth media has also been explored; for example Bugbee and Frink (1985) included experimentation with Al WTRs as a component of potting mixtures at rates of 25%, 50%, 75% and 100% combined with soil. The authors noted a general increase in aeration of the potting mix that was related to the WTR additions while the impacts on available water, pore space and bulk density variations were minimal or negligible. However, they did note reduced growth of marigolds (Tagetes sp.) and that lettuce (Lactuca sativa) had developed a purple hue when grown in a WTR-containing potting media which they associated with P deficiency at these high proportions of WTR (as per the discussion in Section 5.4.2). Heil and Barbarick (1989) found that low (5 g kg −1 ) application rates of Al and Fe WTRs to soils increased yield of sorghum-sudangrass (Sorghum bicolor L. Moench), attributed to their Fe contributions and pHincreasing abilities. During trials of co-application of WTRs and vermicomposts, Ibrahim et al. (2015) found that a 2:1 ratio of WTR to vermicompost with a combined application rate of 5 g kg −1 resulted in greater wheat yields than all other treatments tested, which included pure vermicompost and control (i.e. dried and sieved soil only) treatments. WTRs were found to serve as a better planting medium for peppers (Capsicum annuum 'Takanotsume') than granite parent materialbased soils when both were amended with 10% additions of compost (Park et al. 2010 ). This was believed by the authors to be related to the higher gas diffusivity, saturated hydraulic conductivity, N content and cationexchange capacity following WTR addition. During a study into the effects of ageing soils treated with WTRs for 1.5 years (7.5 t ha −1 application rate), Mukherjee et al. (2014) found that many physical properties of the soils remained the same as those of control soils; however, there were minor but significant increases in electrical conductivity from 7.1 to 7.5 μS m −1 and a penetration resistance (i.e. soil strength) increase of 87%. However, these impacted factors were unlikely to have any major implications for soil use. One study did report reductions in Chinese cabbage (Brassica pekinensis (Lour.) Rupr.) biomass when WTR application rates above 2% (w/w) despite fertiliser addition, highlighting the possibility that high WTR addition rates can render the conditions of the treated soil sub-optimal for growth of some plants (Tay et al. 2017) .
The use of WTRs as an amendment to soil substrates that are used for plant growth (i.e. as opposed to land upon which buildings are to be constructed) appears to be a positive reuse of WTRs that has multiple benefits for the environment. There is evidence of improved plant growth in a majority of cases when WTRs are applied alongside a P source (e.g. fertiliser or compost), which is often the way applications are made in realworld agricultural settings. The added potential benefit of reducing plant uptake of some PTEs could make this use of WTRs of particular benefit to agricultural production in areas that have contaminated soils requiring management and remediation, and this is addressed in Section 5.4.3. An additional benefit perceived by land owners is that the sulphur content of WTRs may also provide a nutrient benefit to plant production, but this has not been examined or reported in the literature to date and is thus an area warranting investigation.
Grazing Animals and Poultry
Grazing animals obtain a large proportion of their foodstuffs from the soil surface, and it is known that grazers such as sheep typically ingest considerable quantities of soil while grazing (e.g. 1-6 g soil/kg body mass/day, or up to 400 g kg −1 body mass across a growing season (McGrath et al. 1982) ); this raises considerations about potential implications for grazers in relation to surface application of WTRs.
Van Alstyne et al. (2007) investigated the impacts of feed containing Al WTRs on lambs when compared with feed containing a sand control or a more available Al source (AlCl 3 ). The highest WTR treatment rate imposed (10% of the feed by mass; 8000 mg Al kg −1 total feed) was considered a proxy for a very high WTR field application rate ∼ 225 dry metric tonnes ha −1 . It was concluded that any minor fluctuations in measured parameters (feed intake, body weight, P absorption or P availability in blood plasma) between some WTR treatments and the controls were not a risk to lamb health, although it was suggested that P should also be supplied at 0.25 wt%. Madison et al. (2009) investigated the effects of land application of WTRs on grazing cattle over a 2-year period. Over that time, 75.8 t ha −1 of WTRs were surface applied. It was found that cattle were unaffected (in terms of weight gain and tissue mineral concentrations) due to the low bioavailability of the components in the WTRs. Maurice et al. (1998) mixed 20% alum WTR and 10% zeolite into chicken feed and found that there were no significant impacts on health indicators (i.e. body weight, feed conversion or leg scores) of 3-to 6-week-old chickens. Additionally, litter characteristics including ammonia, pH, N, P and Cu were all also unaffected.
Immobilisation of Contaminants and Excess Nutrients in Soil
In addition to application onto unspoiled soils, WTRs have been investigated for their use in managing or restoring soils with excess nutrient or contamination problems. In this approach, the capability of WTRs to sorb contaminants and excess nutrients in soils is utilised to immobilise them in situ. Immobilisation of P and N in soil, with the aim of reducing nutrient run-off and subsequent accelerated eutrophication in receiving waters, is an area that has received much attention. For example, Gallimore et al. (1999) reported small plot trials in which Al WTRs were applied in two ways (broadcast, at rates equivalent to 11 and 45 t ha −1 , and in buffer strips) to poultry manure amended soils. They found that run-off from simulated rainfall had P concentrations of 14 mg L −1 from control plots, 6 mg L −1 from 45 t ha −1 broadcast treatments and 7 mg L −1 from buffer strip plots while the 11 t ha −1 treatment caused no significant decrease when compared to control plots.
Similarly, Codling et al. (2002) found that WTR application rates of 50 g kg −1 decreased water-soluble P and Mehlich 3-extractable phosphorus concentration by 98-99% and 87-90% respectively. Likewise, Silveira et al. (2013) found that the treatments trialled (30 and 75 t ha −1 ) reduced water-extractable P in soil A and E horizons by more than 60% (e.g. 18.4 mg kg −1 in control soil A horizon, down to 7.3 and 2.8 mg kg −1 in 35 and 70 t ha −1 treatments respectively). The study by Silveira and co-workers also reported reductions in shallow ground water P (i.e. 60-cm depth), reducing P from 1.0 to 0.43 mg L −1 and 0.20 mg L −1 in 35 and 70 t ha −1 treatments respectively, while in plots which were ploughed in order to incorporate WTRs produced reductions from 3.4 mg L −1 down to 1.4 mg L −1 and 0.5 mg L −1 respectively. This indicates that the act of ploughing, in this periodically anoxic soil, disturbed the soil matrix sufficiently to expose leachable P in control as well as treated plots. Comparable results have been produced in a laboratory setting also. For instance, work by Oladeji et al. (2008) demonstrated that surface application of Al WTRs at 10 g kg −1 reduced the leachate P concentration by 46-54% in sandy soils amended with either poultry manure or sewage biosolids. In soil column experiments, Al WTR surface applications of 124 and 248 t ha −1 have proven to assist in the reduction of leached P from urban runoff (Ippolito 2015) . Similarly, field studies found that Al WTR application at 22.4 dry t ha −1 can reduce leaching of P into shallow groundwaters ).
A number of studies have identified the potential for overefficient phosphorous sorption as a long-standing potential concern when it comes to land application of WTRs to agricultural soils, as it could restrict P supply to plants and subsequently risk sub-optimum nutrient levels or even P deficiency (Bugbee and Frink 1985; Elliott and Dempsey 1991) . Lucas et al. (1994) linked this effect with yield reductions in tall fescue grass (Festuca arundinacea) when Al WTRs were applied above 1% or 2% by mass. More recently, Lombi et al. (2010) reported that a pot trial using two soils from South Australia amended with Al WTRs in which plant tissue P concentrations fell below critical levels at application rates approximating 10 t ha −1 and above. Other studies (e.g. Oladeji et al. (2007) ) have also reported reduced plant tissue P concentrations in WTR-amended soil. However, the situation is not straightforward, as numerous studies have contrastingly shown no such P limitation or deficiency following WTR application, e.g. Geertsema et al. (1994) and Ahmed et al. (1998) , and certain reference sources cited in Elliott and Dempsey (1991) . Long-term studies investigating this effect are rare, but a 3-year study reported by Geertsema et al. (1994) found that there were no significant differences in the P (or any other element) content of pine tree tissues grown in Al WTR-amended soils. Anecdotal evidence from the vast acreage of agricultural land across many countries that is now regularly amended with WTR applications, evidently without adverse effects that would deter land managers from continuing the practice, would support the notion that excessive P immobilisation in soil is not typically a problem. Nevertheless, the potential for excessive P restriction, particularly in already-P-deficient agricultural soils, remains a factor that must be considered in relation to planning land application of WTRs. One potential solution in such a situation was presented by Okuda et al. (2014) , who demonstrated that by treating WTRs with sulphuric acid (principally to reduce the Al concentration via leaching), the plant availability of P within the WTRs increased. The authors found that Japanese mustard spinach (Brassica rapa var. perviridis, Komatsuna) P uptake was enhanced by 40% when grown in a treated WTR:peat mixture (50:50 ratio) when compared to a mixture containing untreated WTR sludge.
On the other hand, the use of WTRs as a fertiliser has also been explored. Rigby et al. (2013) explored the viability of using Al WTRs as a fertiliser in P-and N-deficient sand. They found that WTRs supplied adequate quantities of plant available N and that their application resulted in grain yield increases for wheat (Triticum aestivum L. cv. Wilgoyne) relative to untreated control plots. However, produced yields were only 62% and 69% (years 1 and 2 respectively) of grain grown in plots which had received standard inorganic P and N fertiliser applications (Rigby et al. 2013) . In order to address these issues, Zohar et al. (2017) produced a WTR-organic composite that could potentially find use as a slow-release P fertiliser; this was achieved by initially using WTRs to treat soil leachate and dairy wastewater to remove P. A 9-week desorption experiment found that P was slowly released, initially at a rate of 30 mg kg −1 , which decreased to 10 mg kg −1 after 28 days and remained constant until the experiment concluded at 60 days. However, this preparation may not always be necessary as Silveira et al. (2013) highlighted that WTRs were an adequate substitute for organic-rich fertiliser in all but P-deficient soils when growing bahiagrass (Paspalum notatum Flüggé).
There have also been attempts to utilise WTRs to remediate or make safer soils known to be contaminated with PTEs such as, Cd and Pb. Garau et al. (2014) trialled Fe WTRs and other waste materials in a study designed to assess immobilisation of PTEs (i.e. Cd, Cu, Pb, Zn) in a circum-neutral pH soil contaminated with As (2105 mg kg −1 ), Cd (18 mg kg −1 ), Cu (264 mg kg −1 ), Pb (710 mg kg −1 ) and Zn (522 mg kg −1 ). The amendments were added at 3% by mass and equilibrated for 6 months after which plant growth, element mobility, microbial diversity and microbial function were assessed. They found a 27% reduction in the non-specifically adsorbed (i.e. readily mobile) As in Fe WTR treatments, as well as reductions in Ca(NO 3 ) 2 -extractable Cd, Pb and Zn. The authors observed a 2.5-fold increase in plant yield for the common bean (Phaseolus vulgaris) and a 1.8-fold increase for wheat (Triticum vulgare) grown in WTR-treated soil and, importantly, the yield increases could be directly attributed to reduced toxicity through contaminant immobilisation rather than to any changes in pH or nutrient addition. However, while WTR treatment resulted in a significant decrease in shoot As concentration in wheat (from~39 to 21 μg −1 ), a conflicting result was noted for bean where the shoot As concentration increased (from~50 to 60 μg −1 ). Nagar et al. (2015) investigated the long-term (3-year) effect of incorporating Al and Fe WTRs, separately, on As bioaccessibility in two As-spiked soils with contrasting properties (a sandy soil with pH 4.05 and a sandy clay loam with pH 7.85). The authors found that bioaccessible As, determined via the in vitro gastrointestinal simulation, was reduced by 50 to 80% when compared with non-WTR-treated soils for both Al and Fe WTRs at both rates of application tested (5% and 10% w/w). It was also reported by the same research group that As sorption decreased as pH increases under As loads of 1875 and 3750 mg kg −1 applied to a sandy soil, while this effect was undetectable under a lower As load of 125 mg kg −1 (Nagar et al. 2013 ). Contrary to the findings of Gagnon (2011) and Castaldi et al. (2014) , who both observed Fe WTRs to have greater As and P sorbing capacity than Al WTRs, a study by Nagar et al. (2013) reported Al WTRs to have achieved a greater As sorption than Fe WTRs in the soils they tested (see Table 5 ).
Other studies focusing on contaminant metals in soil have also found reductions in mobility or availability following WTR application. For example, Elkhatib and Moharem (2015) explored the effect of WTR application on the non-residual fraction (i.e. the fraction considered potentially mobile or bioavailable), determined by the Tessier et al. (1979) sequential extraction method, of Cu, Pb and Ni in calcareous and sandy agricultural soils; the results of this study can be seen in Fig. 5 .
As with water studies, there have also been attempts to incorporate nWTRs into soils. When mixed with Cdand Pb-spiked soils (spiked at 50, 100 and 150% of the soil metal concentration limits suggested by USEPA), incorporation of 0.3% by mass nWTRS led to a > 99% reduction in phytoavailability (Brassica napus L.) of both Pb and Cd (Elkhatib et al. 2018) .
There have been several attempts to co-apply WTRs alongside other organic wastes such as sewage biosolids (Maurice et al. 1998; Ippolito et al. 2009a; Mahdy et al. 2009 ). Co-application of WTRs and biosolids was shown to increase corn yield proportionally to WTR concentration up to an application rate of 3% by weight, above this point yield decreased (Mahdy et al. 2009 ). This was matched by a corresponding effect on P uptake, while no phytotoxicity was observed (Mahdy et al. 2009 ). The long-term (13-15 years) impacts of a single application and short-term (2-4 years) impacts of repeated co-applications of WTRs and biosolid amendments to semi-arid grasslands were investigated by Ippolito et al. (2009a) . They found that ammonium bicarbonate-diethylenetriaminepentaacetic acidextractable Cd, Cu, Fe, Mn, Ni and Zn and soil pH, EC, NO 3 -N, NH 4 -N, total C and total N showed no significant change under a single WTR-biosolid application; however. a majority of these increased under repeated applications (Ippolito et al. 2009a ). Unfortunately, this study did not compare results to those of a plot containing only biosolid amendments and thus it is difficult to distinguish the influence of each amendment. Tay et al. (2017) outlined a project that aimed to maximise the benefits of WTR amendments while minimising P immobilisation by co-applying P fertilisers, as had been recommended previously (Elliott and Dempsey 1991; Lucas et al. 1994 ). This combined application produced no significant difference in total plant tissue P concentration relative to controls but did reduce plant tissue As and Cd concentrations when WTR amendments to the sandy loam soil tested remained between 2 and 4%.
Land application of WTRs, or use as a component in plant growing media, is therefore well justified as an increasingly common recovery and reuse option. As well as for use on productive agricultural land, the literature indicates that WTR application on degraded or contaminated soils can help realise benefits through reducing plant uptake and mobility of PTEs and other contaminants. However, there are remaining questions that need to be answered in terms of the full range of influences and benefits that WTRs can have on soil chemistry and ecology once applied. This is explored further in Section 6.
Use in Construction Materials
Research into the use of WTRs in construction materials has been limited when compared with other potential beneficial uses and this is likely due to concerns that arise from the variability of physical properties of products produced from WTRs (Babatunde and Zhao 2007) . This is brought about by their variability in chemical composition, water content and organic matter content. However, a general geotechnical evaluation of alum sludge found that, when mixed with zeolite Al sludge produces a material which is suitable for use in a variety of geotechnical and geoenvironmental applications due to its high shear strength, mechanical stability and low permeability (Balkaya 2015) . This along with other studies suggests that WTRs can be used in construction, as long as the correct pre-treatment (i.e. dewatering and drying at 105°C) is applied and they are mixed with the correct materials.
Clay Bricks
Due to the similarities in the chemical composition of brick clay and WTRs, production of bricks with a partial replacement of clay with WTRs could offer a large reuse pathway for WTRs. Multiple experiments have explored incorporating WTRs into bricks (Table 7) . Initial studies explored the combined additions of WTRs and sewage sludge ash (Anderson et al. 2003; Golbold et al. 2003) . Anderson et al. (2003) documented the use of WTR and sewage sludge incineration ash as a combined 5% by weight addition to brick production. Preliminary results of that study facilitated the rollout of a full-scale factory trial producing 100,000 bricks. Multiple other studies have suggested that 15-20% WTR additions are optimum to comply with a variety of national regulations, including those in India, Taiwan, Britain and Malaysia (Huang et al. 2005; Elangovan and Subramanian 2011; Shamsudin et al. 2017) . Leaching testing has also confirmed that bricks produced with up to 2.5% WTR content complied with the relevant national (British) Standards (Anderson et al. 2003) . Bricks containing much higher WTR sludge content, 50-80% sludge, and those containing solely WTRs, rice husk ash and silica fume, were found to generally be of superior quality to those available locally in some areas of Egypt (Ramadan et al. 2008; Hegazy et al. 2012) . Therefore, in areas where brick production standards are less stringent or the availability of quality bricks is limited, the use of WTRs in brick production could be of particular benefit. However, in order to produce bricks containing higher amounts of WTRs, the sintering temperature of the bricks must be increased to~1050-1100°C due to the lower silica content and higher water content of WTRs, thus making the brick production process more energy intensive at these rates and therefore making the process less economically and environmentally appealing. Furthermore, Anderson et al. (2003) Fig. 5 The bioavailable fraction of Cu, Pb and Zn, as determined by the Tessier et al. (1979) sequential extraction method, before and after WTR application to soils. Data extracted from Elkhatib and Moharem (2015) additional investment in equipment was required by the brick-making industry in order to achieve the required blending of materials.
Cement, Concrete and Aggregates
There have also been attempts to incorporate WTRs into cements (Huang et al. 2005; Chen et al. 2010; Yen et al. 2011 ) and concretes (Kaosol 2010; Sales et al. 2011; Lee et al. 2012; Owaid et al. 2017 ) (Table 8 ). The production processes related to these materials do not include a sintering step; consequently, Rodríguez et al. (2010) found that additions as small as 10% were enough to retard the hydration rates of mortars which in turn increased the duration of the production process by over 12 h. Multiple studies reported that increasing WTR additions reduced mechanical or compressive strength (Rodríguez et al. 2010; Owaid et al. 2017 ), although Chen et al. (2010) noted that these changes only occurred above 7% additions while increases in strength were produced below 7% additions. In order to address this issue, Lee et al. (2012) produced a concrete with 30% sludge with additions and 2% of a solidification agent (main components CaSO 4 (61.5%) and CaO (31.4%)) and achieved an acceptable mechanical strength according to the ASTM International standards (ASTM C117-04). As with bricks produced from WTRs, the leachates of these bricks had a low content of many common PTEs, specifically Cd, Cr, Cu, Ni, Pb and Zn (Huang et al. 2005; Chen et al. 2010) . It has been suggested that the high proportion of silica (SiO 2 ) in some WTRs allows for the formation of calcium silicate (Ca 2 SiO 4 ) when combined with lime; this process provides the majority of set cements strength. The Portugal 0-5% Clay Not specified WTR additions improved thermal transmittance and therefore better for insulation purposes. (Santos et al. 2015) production of WTR-based products has a clear economic driver, as hollow concrete blocks produced containing 10-50% WTRs were found to reduce the cost of production by 12-41% respectively (Kaosol 2010) .
Ceramics
In the production of ceramics, the addition of alum sludge up to 30% by weight alongside co-application of a silicate-based fluxing agent has been found to produce physically similar ceramics to the regular production process; additionally, these new WTR ceramics were resistant to leaching (Vicenzi et al. 2005) . However, another study by Teixeira et al. (2011) found that additions of 10-20% of Fe WTRs led to a reduction in flexural strength and specific mass, while also increasing water absorption, highlighting the need for a fluxing agent. Kizinievič and Kizinievič (2017) and Kizinievič et al. (2013) found that increasing the Fe WTR content of ceramics had the following impacts on its properties: lower density and compressive strength, while increasing shrinkage, water adsorption and porosity. Additionally, it has been commented that Fe WTRs have an impact on the colouration of ceramics; therefore, they may be used as a substitute for dark red pigment. Wang et al. (1998) also found that leachates from WTR-containing ceramics complied with the Taiwan EPA guidelines. 
Landfill Coating and Daily Cover
A more novel construction use is that of a hydraulic barrier and as a daily cover material for landfill which is applied to minimise interaction between wastes and the air while also producing a solid base for vehicles to manoeuvre. WTRs can be used effectively for these purposes and provide similar results to other commonly used materials such as soil, paper sludge or tyre-derived aggregates (Balkaya 2016) . In keeping with this idea, Caniani et al. (2013) produced a bio-soil from the stabilized organic fraction of municipal solid waste, Al sludge and clinoptilotite (a type of zeolite) which proved to be a successful barrier layer for landfill in terms of chemical and physical properties and leaching tests.
Construction Summary
To summarise, the use of WTRs in construction is a potentially useful and beneficial end use, with perhaps the greatest scope for this being found in regions or countries where high-quality building materials are less available, as suggested by some brick-based studies (Ramadan et al. 2008; Elangovan and Subramanian 2011) . The additional requirements such as higher sintering temperature (Huang et al. 2005) , longer production times (Rodríguez et al. 2010 ) and fluxing/ solidifying agents (Vicenzi et al. 2005; Lee et al. 2012) when WTRs are used in high percentage rates in bricks means that additional development is required in this area. Nevertheless, positive results have been obtained from research into the use of WTRs in brick and ceramic production that could have widespread ramifications for the reuse of WTRs.
Coagulant Recovery and Reuse
Coagulant recovery (CR) offers a viable alternative endof-life use for WTRs, which has the additional benefit of reducing the amount of WTRs produced as well as reducing disposal costs (Keeley et al. 2014) . During CR, acid is applied to water treatment sludge to redissolve spent coagulant metals (predominantly Al or Fe). Following this step, undesirable contaminants are separated through varying separation processes. CR was popular during the 1970s and 1980s due to more lenient legislation for water quality (Keeley et al. 2014) . However, its use was eventually ended due to issues relating to the accumulation of acid soluble impurities and the overall variability of WTRs. Current methods can reliably recover > 70% coagulant metals, effectively reducing sludge volumes by 60% (Keeley et al. 2014) . Abdo et al. (1993) reported that recovered coagulants were only 80% as efficient as fresh coagulants during water treatment. Xu et al. (2009) also measured the efficiency of recovered alum and found that turbidity, UV 254 and COD removal efficiencies were 96%, 46% and 53% respectively of those that fresh alum displays. One of the greatest difficulties facing CR is ensuring that the benefits of the process outweigh the chemical (mainly acids) and energy costs.
Alternatively, direct reuse of WTRs in the treatment of wastewater has shown promise (Xu et al. 2016b) . WTRs can be used as a substitute for 40% of the required fresh coagulant while producing no significant difference in all measured parameters of outlet water when applied to low turbidity water (Xu et al. 2016b ). Suman et al. (2017) found that WTRs produced better removal results than conventional coagulants when treating dairy wastewater. The two-pronged reduction in WTRs obtained through this process make it an ideal reuse option; however, further study is required.
Further data on the full-scale possibilities of CR and coagulant reuse is required. Although CR may not currently be viable, it has potential in the future as recovery technologies advance and the process can be streamlined. Until that time, recovered coagulant and alum sludge can both be used in wastewater treatment in regions where regulations are less strict (Keeley et al. 2014; Xu et al. 2016b) .
Environmental and Ecological Impacts and Concerns
Despite land application of WTRs now being a wellestablished and increasingly common practice, the most frequently raised concerns in published literature related to the use of WTRs in the open environment are the possibilities for the leaching of metals (especially Al) and the immobilisation of too much P.
Aluminium is a nonessential metal which, in humans, has been related to a number of neurological and respiratory diseases, renal failure and bone damage when present above critical threshold concentrations (Krewski et al. 2007 ). The negative effects of Al on fish and invertebrates are also well established (Herrmann and Frick 1995) . However, concerns about Al regarding the use of WTRs in land application do not centre around any risks to human health, but relate rather to the risk of Al toxicity to plants and soil biota. Aluminium is abundant in the environment, accounting for~7-11% (by mass) of the Earth's upper crust (Hu and Gao 2008) and forming one of the main constituents of many soils. However, Al toxicity generally becomes a concern when a soil pH is below 5 because of greater quantities of soluble aluminium (i.e. Al 3+ and AlOH 2+ ) being released into the porewater (Brady and Weil 2008) . Howells et al. (2018) highlighted the importance of placing some restrictions on the conditions in which WTRs are used, finding that the leachable fraction of Al (i.e. 0.001 M CaCl 2 -extractable Al) from Al WTRs increased from 4.5 mg kg −1 at a pH of 5.5 to 382 mg kg −1 at a pH of 4.4. This is reflected in legislation and environmental regulation of some regions, an example of which is in England and Wales where the application of Al WTRs is limited to soils above a pH of 6 due to the increased mobility of Al below a pH of 5 in soils, while Fe WTRs are limited to application to soils above a pH of 5 (Environment Agency 2013). A number of studies have examined the leachability of Al from WTRs and the bioavailability of the Al contained within them, while other studies have investigated the influence WTR application to land has on soil porewater Al concentrations and plant assimilation of Al (Bugbee and Frink 1985; Chiang et al. 2012; Caniani et al. 2013; Howells et al. 2018 ). Upon ageing WTRs through incubation, Agyin-Birikorang and O'Connor (2009) found that WTRs required ≥ 6 months of ageing to stabilise the most reactive Al forms (determined as 5 mM oxalateextractable), therefore suggesting that fresh WTRs should be aged before being applied to land to alleviate such concerns. However, this has not been examined in detail or supported by other findings and thus warrants further investigation.
As discussed in Section 5.4.3, the sorption of P is a potential limiting factor when it comes to land application of WTRs, unless the WTRs are being deliberately applied to restrict mobility of excess P that arises from previous overuse of fertilisers and manures, etc. However, as alluded to previously, co-application of WTRs with mineral fertilizers or other nutrient input (i.e. manures, composts or biosolids) can circumvent this concern. Indeed, support for this approach can also be found in the review of legislation at a European level on WTR disposal by Hidalgo et al. (2016) , which indicated that the most feasible use of WTRs from a regulatory standpoint is as an agricultural substrate when mixed with a nutrient source.
Despite these and other past studies that have shown little to no negative impact from WTR land application, WTRs are still considered hazardous wastes in some jurisdictions. For example, the Environmental Protection Agency (USA) ranks WTRs as having the second highest environmental impact potential (based on risk) of all effluent sources, contributing 10.7% of the national hazardous effluent production, although this figure is inflated by the hazard potential of chlorine residuals from other stages of the drinking water treatment process (EPA 2016) . Having this kind of status may be pragmatic in one sense, i.e. in facilitating restriction of access and applications of WTRs to approved processes and practices, but in other ways it is a barrier to use as it imparts negative associations with the material and creates administrative and regulatory obstacles that must be overcome to enable use of the material. Research that better clarifies and quantifies any risks involved in the land application (or other uses) of WTRs would help to address this.
In terms of impacts on biota and ecosystems, while multiple studies have explored the direct effects of WTRs on aquatic ecosystems (Hall and Hall 1989; George et al. 1991; George et al. 1995; Kaggwa et al. 2001) , there is limited coverage in the literature regarding the effects of WTRs on terrestrial ecology. This is a notable gap, especially considering that land application is an increasingly important disposal route. The information that is available in the literature on this aspect is discussed below. Ippolito et al. (2009a) found that surface co-application of WTRs with biosolids at a rate of 5-21 t ha −1 caused a minor enrichment on a subset of microbial community fatty acids, including markers for Gram-positive and Gram-negative bacteria after a period of 15 years, although it was suggested this increase was more closely related to biosolid addition than that of WTRs. However, the overall effect on plants and soil biology was minimal and was considered to pose no overall threat to the environment. Garau et al. (2014) found that Fe WTR amendments (3% w/w addition rate) led to increased culturable heterotrophic bacteria and actinomycetes while having the opposite effect on heterotrophic fungi. Overall, they found the soil microbial biomass remained constant.
Microorganisms and Invertebrates
WTRs themselves are a source of some microorganisms; for example Oliver et al. (2011) verified that the abundance of microbes capable of proliferation under anaerobic conditions was comparable with that observed for soils, while Xu et al. (2018) determined that Proteobacteria, Cyanobacteria, Bacteroidetes, Firmicutes, Verrucomicrobia and Planctomycetes were the dominant phyla among the six Chinese WTRs they examined. Xu and co-workers also identified the presence of three genera of potentially toxic cyanobacteria (Planktothrix, Microcystis and Cylindrospermopsis), and four potential pathogens (Escherichia coli, Bacteroides ovatus, Prevotella copri and Rickettsia), with their abundances heavily influenced by the nutrient and Fe contents of the raw waters whose treatment generated the WTRs. This was in agreement with an earlier German study (Würzer et al. 1995 ) that determined WTRs could contain pathogenic bacteria, viruses and Protista.
However, Pecku et al. (2006) investigated the influence of 300 t ha −1 applications of WTRs on microbial indicators of soil quality (soil respiration, denaturing gradient gel electrophoresis and DNA analysis) and found no detrimental effects on any of the measured values. Nevertheless, although no negative impacts have been observed, the long-term influence of WTR addition on microbial population dynamics remains unknown. Howells et al. (2018) conducted survival, reproduction and avoidance tests with earthworms exposed to 0-20% WTR-containing soils. Their study found that earthworm biomass, survival and reproduction were unaffected, although avoidance of soils containing ≥ 10% of Fe WTR and 20% Al WTRs was noted.
Summary, Conclusions and Recommendations
Despite a well-established continued level of WTR use in land applications, there are remaining questions regarding their utilisation in this sector. A key issue is the amount of published literature from utility companies and commercial trials in the public domain. Other end use markets exist but are less well researched and documented. With mounting environmental and economic pressure from the public and regulatory bodies, and the move away from landfill disposal, the need for sustainable and efficient outlets for WTRs continues. However, while research and publicly available data for other organic materials, such as sewage sludge, is widespread, information relating to by-products from the drinking water treatment process are not nearly as extensive. The gap in published data relating to WTRs and impacts associated with application to land in the UK highlights a need for an up-to-date review of information held by utility companies. The benefits, disadvantages and limitations of the various WTR use options examined in this paper are summarised in Table 9 .
In summary, while it is known that WTRs can be utilised in multiple ways, there are still unexplored issues and potentially limiting factors. For example, while the use of WTRs in CWs is a disposal route that is viable, the lack of development of anti-clogging techniques is a prominent issue in the literature. Unfortunately, WTR-based CWs are unlikely to provide a large demand for WTRs due to the system long lifecycles. The adsorption qualities of WTRs are well documented, and while they are reportedly dependent on certain conditions such as pH (Hovsepyan and Bonzongo 2009; Zhou and Haynes 2011; Silvetti et al. 2015) , the use of WTRs as a sorbent is still applicable in a majority of natural soils sufficing that their application is carefully assessed. Leaching of pollutants has been shown to be an unlikely problem in most environmental settings; however, there appears to remain somewhat of a disconnect between research findings, governing environmental policy and business enterprise regarding WTRs. Such disconnects can only be solved through the availability of more scientific evidence and through the communication of that evidence to policy makers. Nevertheless, land application has been identified as a commercially viable and, to the best available knowledge, an ecologically sound disposal route that can be further enhanced by the co-application of a P source when required. Alternatively, the Al removal methods suggested by Okuda et al. (2014) may offer another method of reducing P sorption by Al WTRs when required. The short-and long-term influence on the ecology and biogeochemical processes in soils treated with WTRs do however remain avenues that require further research. Construction is a mass disposal route for WTRs, which appears to be feasible (as seen in Anderson et al. (2003) ); however, variations in the physical properties of WTRs make their incorporation into these materials difficult; therefore, further innovation is required to bring this disposal route into the commercial sector. Finally, recycling of the coagulant components of WTRs may not currently be economically feasible, but it offers a proven avenue for disposal if the costs related to the process become more favourable. The nature of WTRs, with their highly variable physical and chemical structure, means that even after previous studies, further investigation of WTRs from a variety of water treatment plants and from different regions is required before any definitive conclusions can be drawn and applied widely. It may be the case that WTRs reuse would be best assessed on a case-by-case basis. Additional end use options should also be explored. Any issues related to WTRs are only further compounded by a lack of published figures relating to their production and disposal. A more comprehensive review of this data is required in order to give a more accurate picture of the required end use capacity for WTRs.
